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• Elevated concentrations of nitrite (NO−
2)
are observed in the Seine River.
• Sediment cores were collected upstream
and downstream of Paris's largest
WWTP.
−
+
• Benthic ﬂuxes of NO−
2 , NO3 and NH4
were measured in core incubations.
• Pore water data and benthic ﬂuxes were
analyzed with a reactive transport
model.
• Sediments act as source or sink of nitrite,
depending on sampling location and
time.
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a b s t r a c t
Nitrite is a toxic intermediate compound in the nitrogen (N) cycle. Elevated concentrations of nitrite have been
observed in the Seine River, raising questions about its sources and fate. Here, we assess the role of bottom sediments as potential sources or sinks of nitrite along the river continuum. Sediment cores were collected from two
depocenters, one located upstream, the other downstream, from the largest wastewater treatment plant
(WWTP) servicing the conurbation of Paris. Pore water proﬁles of oxygen, nitrate, nitrite and ammonium were
measured. Ammonium, nitrate and nitrite ﬂuxes across the sediment-water interface (SWI) were determined
in separate core incubation experiments. The data were interpreted with a one-dimensional, multi-component
reactive transport model, which accounts for the production and consumption of nitrite through nitriﬁcation, denitriﬁcation, anammox and dissimilatory nitrate reduction to ammonium (DNRA). In all core incubation experiments, nitrate uptake by the sediments was observed, indicative of high rates of denitriﬁcation. In contrast, for
both sampling locations, the sediments in cores collected in August 2012 acted as sinks for nitrite, but those collected in October 2013 released nitrite to the overlying water. The model results suggest that the ﬁrst step of nitriﬁcation generated most pore water nitrite at the two locations. While nitriﬁcation was also the main pathway
consuming nitrite in the sediments upstream of the WWTP, anammox dominated nitrite removal at the downstream site. Sensitivity analyses indicated that the magnitude and direction of the benthic nitrite ﬂuxes most
strongly depend on bottom water oxygenation and the deposition ﬂux of labile organic matter.
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1. Introduction
Humans have greatly modiﬁed the nitrogen (N) cycle, nearly doubling the inputs of bioavailable nitrogen to the environment (Gruber
and Galloway, 2008). Excess nitrogen negatively impacts human and
ecosystem health, causing eutrophication of aquatic ecosystems, decreasing air quality and contaminating drinking water supplies
(Driscoll et al., 2003; Erisman et al., 2013; Ndegwa et al., 2008). The application of N-containing fertilizers and human wastewater release
have been linked to the expansion of hypoxic and anoxic conditions in
aquatic systems (Diaz and Rosenberg, 2008; Rabalais et al., 2010),
while enhanced microbial nitriﬁcation and denitriﬁcation causes emission of nitrous oxide (N2O), an important greenhouse gas (Crutzen et
al., 2007).
Nitrate (NO−
3 ) and nitrous oxide (N2O) have received most attention
as N contaminants. Strict nitrate water quality standards are in place in
most developed countries (Oenema et al., 2011), while interest in N2O
emissions stems from concerns about accelerating climate change (e.g.
Clough et al., 2006; Beaulieu et al., 2007; Rosamond et al., 2012). In comparison, relatively little research has been done on the intermediate
species nitrite (NO−
2 ). High nitrite concentrations in drinking water
can cause serious illness in infants; shortness of breath and blue baby
syndrome are some of the associated symptoms (Knobeloch et al.,
2000). The maximum level of nitrite for drinking water set by the US Environmental Protection Agency is 1 ppm. Nitrite is also toxic to aquatic
life (Cowling et al., 1998; Philips et al., 2002): according to the EU
Water Framework Directive, the nitrite limit for good environmental
−1
.
status is 0.09 mg N-NO−
2 L
Nitrite is a reactive intermediate produced and consumed in several
redox pathways of the N cycle (Kelso et al., 1997; Mordy et al., 2010). It
is produced during the ﬁrst steps of nitriﬁcation and denitriﬁcation from
−
ammonium (NH+
4 ) and nitrate (NO3 ), respectively. Under oxic conditions, nitrite oxidizers consume NO−
2 producing nitrate as part of the
overall nitriﬁcation process. Under reducing conditions, nitrite can be
transformed to N2 gas during denitriﬁcation or anammox, or to ammonium via dissimilatory nitrate reduction to ammonium (DNRA). In addition to biotic transformations, nitrite is chemically reactive (Udert et al.,
2005). Thus, in general, nitrite concentrations in the environment are
expected to be negligible. Nonetheless, accumulation of nitrite has
been observed in rivers and streams. In particular, relatively high nitrite
concentrations have been reported in various urbanized rivers, for instance the Lahn River in Germany (von der Wiesche and Wetzel,
1998), rivers of Northern Ireland (Kelso et al., 1997), and the Seine
River in France (Garnier et al., 2006; Raimonet et al., 2015; Raimonet
et al., 2017).
The Seine River receives large N inputs from diffuse agricultural and
urban sources, as well as point sources, primarily waste water treatment
plant (WWTP) discharges (Cébron and Garnier, 2005; Naeher et al.,
2015; Raimonet et al., 2015; Raimonet et al., 2017). Downstream of
the metropolitan area of Paris, the efﬂuents from a very large WWTP,
known by its acronym SAV (daily capacity of 1.7 M m3), greatly impact
the river water quality (Vilmin et al., 2014). Nitrogen pollution in the
past was dominated by ammonium, resulting in nitriﬁcation and even
anoxia in the water column (Cébron and Garnier, 2005; Chesterikoff
et al., 1992; Garban et al., 1995). Upgrades to the SAV WWTP, with
the introduction of treatment by nitriﬁcation and denitriﬁcation in
2007 and 2011, respectively, considerably decreased N loading to the
river: ammonium discharges dropped from 58 ± 22 to 12 ±
17 t N d−1 (Aissa-Grouz et al., 2015). Nitrate concentrations in the
river have remained elevated, however, mainly because of agricultural
activity in the surrounding area. In addition, even after the

improvements, nitrite concentrations in the outﬂow of the WWTP
have remained above European water quality standards (Raimonet et
al., 2017).
With an estimated daily loading of around 2.4 ± 2 tonnes NO2-N
(Aissa-Grouz et al., 2015), the WWTP is a major source of nitrite to
the Seine River (Garnier et al., 2006; Raimonet et al., 2015). Surprisingly,
elevated concentrations of nitrite persist for over 300 km downstream
of Paris, despite fully oxic conditions along the river channel (AissaGrouz et al., 2015). Possible explanations include the sustained production of nitrite in the water column (Raimonet et al., 2015), or a continuous efﬂux of nitrite from streambed sediments. Benthic processes are
known to have a signiﬁcant impact on the water quality of aquatic systems in general (Han et al., 2014; Paraska et al., 2014; Thouvenot et al.,
2007), and on the cycling of nitrogen in particular (Han et al., 2014).
Fixed nitrogen is removed by sediments via permanent burial of organic
nitrogen and clay-bound ammonium, as well as through denitriﬁcation
or anammox, which return dinitrogen gas to the atmosphere. Alternatively, dissolved inorganic nitrogen species can be recycled to the
water column following mineralization of deposited organic matter
(Thamdrup and Dalsgaard, 2008).
Here, we present a preliminary assessment of the potential role of
benthic nitrite exchanges in the Seine River: pore water and benthic
ﬂux measurements on sediments collected upstream and downstream
of the SAV WWTP are analyzed quantitatively by developing and applying an early diagenetic model that includes a comprehensive representation of the benthic N cycle. Early diagenetic models simulate the
coupled transport and transformation processes that affect the chemical
species of interest below the sediment-water interface (SWI)
(Boudreau, 1996). While these reactive transport models have been frequently used to interpret multicomponent data sets collected in marine
and lacustrine sediments, applications to riverbed sediments remain
limited. Paraska et al. (2014), who reviewed 83 early diagenetic modeling studies published since 1996, only report four studies on river sediments (Devallois et al., 2008; Massoudieh et al., 2010; Trinh et al., 2012;
Van Den Berg et al., 2000).
Moreover, existing early diagenetic models representing N transformations rarely account for reactive intermediates in general, and nitrite
in particular. A limited number of studies have analyzed nitrite pore
water proﬁles using modeling. Stief et al. (2002) and Meyer et al.
(2008), for example, measured nitrite pore water proﬁles in a freshwater mesocosm experiment and an estuarine sediment, respectively. In
both studies, an inverse reaction-transport model was used to extract
the depth distributions of nitrite production and consumption rates. Inverse modeling, however, is unable to predict how the rate distributions
change under varying boundary conditions and transport regimes, in
contrast to the forward reactive transport modeling used here. Box
modeling approaches have also been used to estimate nitrite exchanges
between streambed sediments and the overlying river (e.g., AissaGrouz et al., 2015; Raimonet et al., 2015; Vilmin et al., 2014), or to simulate nitrite production and consumption in sediments incubation experiments (e.g., Babbin and Ward, 2013). However, because box
models do not predict spatial distributions they are not appropriate to
analyze pore water proﬁles. Closest to our modeling approach is that
of Dale et al. (2011) who developed a diagenetic model that includes nitrite as a reactive species and represents nitriﬁcation, denitriﬁcation,
DNRA and anammox. This model was applied to a data set from a coastal
marine site in the Baltic Sea.
In the present paper, we expand the reaction network for benthic N
cycling in an existing early diagenetic computer code in order to explicitly include the reaction pathways producing and consuming nitrite. Reactive transport calculations are then used to interpret a data set
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Fig. 1. Locations of the SAV wastewater treatment plant (WWTP) and the upstream (blue circle) and downstream (red circle) core sampling sites. (For interpretation of the references to
colour in this ﬁgure legend, the reader is referred to the web version of this article.)

comprising pore water proﬁles and benthic exchange ﬂuxes of nitrate,
nitrite and ammonium collected in the Seine River upstream and downstream of the SAV WWTP. Because of the highly dynamic and heterogeneous nature of streambed sediments, we primarily aim to capture the
general trends of the measured pore water depth proﬁles and benthic
ﬂuxes. We then use the model as a sensitivity tool to delineate the
main controls on benthic exchange ﬂuxes of nitrite.
2. Field sampling and experimental methods
2.1. Seine River
The Seine River is the second longest river in France (776 km). The
climate is temperate, with oceanic and semi-continental inﬂuences.
The mean annual discharge rate of the Seine River at Austerlitz Bridge
in Paris is 310 m3 s−1 (period 1979–2012, Raimonet et al., 2015). The
summer river discharge is artiﬁcially maintained above 100 m3 s−1 by
water release from dam reservoirs upstream of Paris. Water temperature ranges from 5 °C in winter to 25 °C in summer. The drainage
basin of the Seine River is characterized by intense urbanization and agriculture leading to nutrient enrichment, especially by nitrate.
The water quality of the middle reaches of the Seine River is signiﬁcantly affected by efﬂuents from the largest WWTP in Europe, known by

its acronym SAV (N5 million population equivalents) located 70 km
downstream of Paris (Fig. 1; Rocher et al., 2015; Vilmin et al., 2015). A
recent hydro-ecological modeling study shows that the Seine River
downstream of Paris is heterotrophic and that nutrient exchanges
across the sediment-water interface (SWI) signiﬁcantly impact the carbon, nitrogen and phosphorus export ﬂuxes to the Seine River estuary
(Vilmin et al., 2015). Weekly measurements of 5-day Biological Oxygen
Demand (BOD5) measured on water column samples collected in August 2012 upstream (Bougival) and downstream (Poissy) of SAV
WWTP were on average 0.63 and 1.13 mg L−1, respectively. In October
2013, the corresponding average BOD5 values were 1.25 and
1.36 mg L−1 (Data from “Vincent Rocher, SIAAP, pers. comm.”).
2.2. Sediment coring and pore water extraction
Sediment cores were collected from two sites, one located upstream,
the other downstream of the SAV WWTP (Fig. 1), in August 2012 and
October 2013 in order to measure vertical pore water concentration
proﬁles of nitrate, nitrite and ammonium. Water temperatures at the
sampling sites were higher in August (~23 °C) than in October (~13
°C). At each site, two pre-drilled (and taped) and seven undrilled
Plexiglass cores (10–40 cm long; 8.4 cm diameter) were obtained
using the UWITEC© piston coring system (Mondsee, Austria). Pore

Table 1
Reaction formulas and rate expressions.
Process
Aerobic respirationa
Denitriﬁcation

DNRA

Anammox
Nitriﬁcation (step 1)
Nitriﬁcation (step 2)
a

Formula

Rate expression

(CH2O)org + y(NH3)org + z(H3PO4)org + O2 + (2z − y)HCO3– → yNH4+ + zHPO42− + (1 − y + 2z)CO2 +
(1 − y + 2z)H2O
−
(CH2O)org + y(NH3)org + z(H3PO4)org + 0.8NO3 → 0.4 (1 − α − β)N2 + yNH+
4 + 0.8αNO2 + 0.4 βN2O
–
+ zHPO2−
4 + (0.8 − 0.8α + y − 2z) HCO3 + (0.2 − y + 2z + 0.8α)CO2 + (0.6 − y + 2z − 0.8α −
0.4β)H2O + (0.8α − 0.4β)H2

2
R1 ¼ k1  ½POC  ½O2½OþKo

+
−
−
(CH2O)org + y(NH3)org + z(H3PO4)org + 0.5NO−
3 → ((0.5 − δ) + y)NH4 + 0.5δNO2 + zHPO4 +
(y − 2z)HCO–3 + (1 − y + 2z)CO2 + (0.33 − y + 2z)H2O + δH2

−
NH+
4 + NO2 → N2 + 2H2O

NH+
4

+ 1.5O2 →

NO−
2

3

Nitrite production:
R3 = 0.8α × R2
½NO− 

3
R5 ¼ k2  ½POC  ½NO− þkmno
 ½O2kin
þKin  ð1−γÞ
3

Nitrite production:
R6 = 0.5δ × R5
½NHþ 

½NO− 

4
2
 ½NO− þKm2
 ½O2Kin
R7 ¼ R7max  ½NHþ þKm1
þKin
2

4

+ H2O + 2H

NO2− + 0.5O2 → NO3−

y and z are the molar N:C and P:C ratios of the degrading organic matter.

½NO− 

3
R2 ¼ k2  ½POC  ½NO− þkmno
 ½O2kin
þKin  γ

+

R8 ¼ R8max 
R9 ¼ R9max 

½NHþ
4
½NHþ
4 þKm3
½NO−
2 
½N0−
2 þKm5

2
 ½O2 ½O
þKm4
2
 ½O2 ½O
þKm6
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Table 2a
Model parameters.
Parameter

Description

Value

Sourcea

Ko
Kmno
Km1
Km2
Km3
Km4
Km5
Km6
Kin
Do2
Dno3
Dno2
Dnh4
γ
∅
ω
α
β
δ
k1
k2
C:N

Half saturation constant of oxygen in aerobic respiration
Half saturation constant of nitrate in denitriﬁcation
Half saturation constant of ammonium in anammox
Half saturation constant of nitrite in anammox
Half saturation constant of ammonium in nitriﬁcation (step 1)
Half saturation constant of oxygen in nitriﬁcation (step 1)
Half saturation constant of nitrite in nitriﬁcation (step 2)
Half saturation constant of oxygen in nitriﬁcation (step 2)
Coefﬁcient describing inhibition by O2
Molecular diffusion coefﬁcient for oxygen (@20 °C)
Molecular diffusion coefﬁcient for nitrate (@20 °C)
Molecular diffusion coefﬁcient for nitrite (@20 °C)
Molecular diffusion coefﬁcient for ammonium (@20 °C)
Fraction of total nitrate reduction occurring via denitriﬁcation
Porosity
Burial velocity
Nitrite leakage during denitriﬁcation
Nitrous oxide leakage during denitriﬁcation
Nitrite leakage during DNRA
Degradation rate constant associated with POC1 for August and October
Degradation rate constant associated with POC2 for August and October
Range of carbon to nitrogen ratio in different pools of organic matter

8 μM
10 μM
5 μM
5 μM
10 μM
15.6 μM
10 μM
34.4 μM
8 μM
651 cm−2y−1
540 cm−2y−1
534 cm−2y−1
560 cm−2y−1
95 (%)
0.8
0.88 cm y−1
3–5 (%)
1 (%)
3–5 (%)
10 y−1
1 y−1
9.6–21.2

Lb
Lb
Lc
Lc
Ld
Ld
Ld
Ld
Lb
Lb
Lb
Le
Le
Lf
E
E
CC
CC
CC
CC
CC
CC

a
b
c
d
e
f

Values obtained from the literature = L; estimated = E; and using a constrained calibration = CC (see Section 3.2).
Van Cappellen and Wang (1995).
Strous et al. (1999).
Raimonet et al. (2015).
Boudreau (1997).
Canavan et al. (2007).

waters were extracted by horizontally inserting Rhizon© samplers
(MOM MicroRhizon™ samplers, Ejikelamp, Netherlands) into two replicate sediment cores through the small, pre-drilled holes along the
sides of the tubes (1 cm depth intervals from +0.5 cm above to −
9.5 cm depth below the SWI). Each Rhizon sampler collected about 2–
4 ml ﬁltered pore water directly into a vial. The pore waters were
extracted within b5 h after core retrieval. An aliquot of 0.3 ml of each
pore water sample was immediately analyzed for NO−
2 , while the
−
remaining sample was stored at −20 °C for later NH+
4 and NO3
analyses.

2.3. Core incubations
Benthic ﬂuxes of nitrate, nitrite and ammonium were measured in
August 2012 and October 2013 on triplicate cores collected upstream
and downstream of the WWTP. Note that benthic ﬂuxes of nitrate and
ammonium were not measured at the downstream site in August
2012. Sediment cores collected in Plexiglass tubes were transported to
the laboratory and kept in the dark at 20 °C until the end of the incubations. Incubations started b5 h after core collection. Overlying water was
adjusted to 8 cm above the SWI. The bubbling of air at 3–4 cm above the
SWI homogenized the overlying water and maintained oxygenated
(air) conditions in order to mimic the fully oxic conditions at the SWI
(Aissa-Grouz et al., 2015). The dissolved oxygen concentration above
the SWI was monitored with an oxygen optode (Pyroscience©), calibrated in O2 saturated water at the same temperature and salinity as
the overlying water using the Firesting Logger software. Incubations
ran for 15 h in August 2012, and for one day in October 2013. Periodically, at time intervals ranging between 1 and 10 h, 5 ml of overlying
water were collected with a syringe and immediately ﬁltered through
a 0.2 μm pore size PVDF ﬁlter. A 0.3 ml aliquot of the ﬁltrate was directly
analyzed for NO−
2 ; the remaining solution was stored at −20 °C for later
−
+
−
−
NH+
4 and NO3 analyses. The net benthic ﬂuxes of NH4 , NO2 and NO3
were calculated from the linear changes in concentration and the
known volumes of overlying water and the sediment surface area.

2.4. Analytical methods
Pore water oxygen proﬁles were measured with Clark-type polarographic microsensors equipped with a built-in reference and an internal
guard cathode (Revsbech, 1989). The sensors have an outer tip diameter
of 50 or 100 μm (Unisense, Århus, Denmark) and were operated with a
motor-driven micromanipulator. The sensor current was measured
with a picoamperometer connected to an A-D converter, which transferred the signals to a computer (Revsbech and Jørgensen, 1986). For
each site, at least 5 oxygen proﬁles were recorded on the same core.
The microelectrodes were calibrated in O2 saturated overlying water
at 20 °C. The vertical resolution of the measurements was 50–100 μm.
The position of the SWI was identiﬁed by the sharp break in the O2 concentration gradient (Sweerts and de Beer, 1989). Oxygen pore water
proﬁles were measured at the upstream and downstream sites in
October 2013, but only at the downstream site in August 2012.
Nitrite concentrations were determined by the colorimetric method
of Rodier (1984), using a UV/visible spectrophotometer. The method
was adapted for microplate analysis to optimize the analysis time and
pore water volume (0.3 ml; MDL: 0.1 μM). Ammonium and nitrate concentrations were measured by ionic chromatography (IC, Dionex; MDL:
0.1 μM). Organic carbon and total nitrogen concentrations were measured on air-dried sediment samples from the topmost 8 cm of the
October cores at both locations: 2 g aliquots were decarbonated by

Table 2b
Reaction parameters based on model calibration for August 2012 and, in brackets, October
2013.
Process

Anammox
Nitriﬁcation (step 1)
Nitriﬁcation (step 2)

Upstream

Downstream

Maximum rate
(μmol cm−3 yr−1)

Maximum rate
(μmol cm−3 yr−1)

R6max = 3 (4)
R7max = 400 (800)
R8max = 1000 (2000)

R6max = 14 (15)
R7max = 80 (225)
R8max = 170 (600)
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Table 2c
Parameters obtained by constrained model calibration. The ranges are based on the literature listed with the exception of the C:N ratio in different pools of organic matter.
Parameter

Value

Unit

Range

References

k1
k2
R6max
R7max, R8max
α
β
δ
C:N

10
1
3–15
80–2000
3–5
1
3–5
9.6–21.2

y−1
y−1
μmol cm−3 yr−1
μmol cm−3 yr−1
%
%
%
–

0 − 303
0 − 1.1
0.7 − 263
0 − 8833
0–8
0–0.08
0–8
10–31

Paraska et al., 2014
Paraska et al., 2014
Crowe et al., 2017; Zhu et al., 2013; Yoshinaga et al., 2011
Altmann et al., 2003; Rysgaard et al., 1994; Cooper, 1984
Laverman et al., 2010a
Laverman et al., 2010
Laverman et al., 2010a
This study (Section 4.1)

a

Nitrite production as a percentage of the nitrate reduction rate.

adding 50 ml 1 N HCL (normapur) and, after mixing, kept overnight at
50 °C. The sediments were subsequently washed three times with
50 ml of MilliQ water (50 ml) and centrifuged. The decarbonated and
washed sediment samples were then freeze dried and analyzed on an
Elemental Analyzer.
3. Early diagenetic modeling
3.1. Conservation equations
An in-house developed, one-dimensional (1D) early diagenetic
model was expanded by incorporating a more complete representation
of N cycling in sediments. Here, we focus on the newly developed N reaction network; for a description of the original model and examples of
applications, the reader is referred to Couture et al. (2010) and Torres et
al. (2015). The model is written in MATLAB® and solves the partial differential equations describing mass conservation of the selected pore
water solutes and sediment-bound chemical species. The model considers three pools of organic carbon (one most reactive, one less reactive
and one unreactive pool), and the following N species: particulate or−
+
ganic N (PON), nitrate (NO−
3 ), nitrite (NO2 ), ammonium (NH4 ), dissolved nitrous oxide (N2O) and dissolved nitrogen gas (N2). Additional
solute species included are molecular oxygen (O2), sulfate (SO2−
4 ),
total sulﬁde (ΣH2S), ferrous iron (Fe2+) and methane (CH4); additional
solid species include reactive iron (hydr)oxides (Fe(OH)3), iron
monosulﬁde (FeS) and pyrite (FeS2).
The reaction stoichiometries and rate expressions describing the N
transformation processes included in the model are given in Table 1. Nitrite production during denitriﬁcation and DNRA are calculated as adjustable fractions of the corresponding rates of nitrate consumption.
These fractions represent the NO−
2 leakage into the environment from
cells carrying out nitrate reduction (Richardson et al., 2009; Trimmer
et al., 2005). Nitriﬁcation is represented as a two-step process with
NO−
2 as the intermediate, consistent with the fact that the two steps
are catalyzed by two distinct groups of microorganisms (Stein, 2015;
Ward, 2013). Monod-type dependencies on substrate concentrations

are used to describe the rates of denitriﬁcation (organic matter and
nitrate), nitriﬁcation step 1 (ammonium and oxygen), nitriﬁcation
step 2 (nitrite and oxygen), anammox (nitrite, ammonium) and DNRA
(organic matter and nitrate). Inhibition terms describe the reductions
in the rates of denitriﬁcation, DNRA and anammox in the presence of
dissolved molecular oxygen.
The model accounts for solute transport by molecular diffusion,
sediment mixing, advective burial and pore water irrigation, and for
solid-bound chemical constituents by advective burial and sediment
mixing. The conservation equations describing the distributions of
pore water (Cd) and solid-bound (Cs) concentrations are:
2

2

∂ð∅Cd Þ
∂ ð∅Cd Þ
∂ ðCd Þ ∂½∅ωCd 
−∅Ds
−
¼ DB
þ ∅αðCd0 −Cd Þ
2
∂t
∂x2
∂x
∂x
X
þ∅
Rd

ð1Þ

X
∂½ð1−∅ÞρCs 
∂ ½ð1−∅ÞρCs  ∂½ð1−∅ÞωρCs 
−
¼ DB
þ ð1−∅Þρ
Rs ð2Þ
2
∂t
∂x
∂x
2

where ϕ is sediment porosity, α the pore water irrigation coefﬁcient
(yr−1), ω the sediment burial velocity (cm yr−1), Ds and DB the molecular
diffusion and sediment mixing coefﬁcients, respectively (cm2 yr−1), and
ρ the sediment dry density (g cm−3). In the absence of time series data,
only steady state results are reported here, that is, the conservation Eqs.
(1) and (2) were solved with the LHS set equal to zero.
The rates Rd and Rs, for solutes and solids respectively, are positive
when the corresponding chemical constituent is produced, and negative
when consumed. For example, for nitrite, nitrate and ammonium the
rate expressions are (see Table 1 for the numbering of the rates):
X  −
R NO2 ¼ 0:8R3 þ 0:5R6 þ R8 −R7 −R9

ð3Þ

X  −
R NO3 ¼ R9 −0:8R2 −0:5R5

ð4Þ

X  þ
R NH4 ¼ yR1 þ yR2 þ ðð0:5−δÞ þ yÞR5 −R7 −R8 þ RRest

ð5Þ

Table 3
Upper boundary conditions at locations upstream and downstream of the SAV WWTP in August 2012 and October 2013.
Variables

O2
NO−
2
NO−
3
NH+
4
2−
SO4
Fe2+
POC1
POC2
POC3
Fe(OH)3
H2S
FeS
FeS2

Upstream

Downstream

August 2012

October 2013

August 2012

October 2013

300
5.4
252
5.3
513
0
1700
600
500
50
0
0
0

233
3.5
270
25
585
0
2700
800
500
50
0
0
0

250
15
345
6.7
513
0
2500
600
500
50
0
0
0

222
6.6
415
70
585
0
3800
800
500
50
0
0
0

Units

References

μM
μM
μM
μM
μM
μM
μmol cm−2 y−1
μmol cm−2 y−1
μmol cm−2 y−1
μmol cm−2 y−1
μmol cm−2 y−1
μmol cm−2 y−1
μmol cm−2 y−1

Measurement
Measurement
Measurement
Measurement
Model calibration
Assumed
Model calibration
Model calibration
Model calibration
Model calibration
Assumed
Assumed
Assumed
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where RRest is the sum of the rates of ammonium release during the degradation of organic matter by dissimilatory iron(III) reduction, sulfate
reduction and methanogenesis.

Table 4a
Sediment mixing and pore water irrigation coefﬁcients in August 2012.
Depth (x)

3.2. Parameter values and boundary conditions
The reaction and transport parameter values listed in Tables 2a, 2b
and 2c were obtained following a procedure common in early diagenetic modeling (e.g., Wang and Van Cappellen, 1996; Dale et al., 2008,
2011; Couture et al., 2010; Krumins et al., 2013; Torres et al., 2015).
Where possible, parameter values were retrieved directly from the literature (L parameters in Table 2a) or else estimated a priori (E parameters
in Table 2a). An example of the latter is the sediment porosity, which
was not measured and therefore assigned a typical value of 0.8. The remaining model parameters were then adjusted by trial and error to
yield global ﬁts of the model to the combined pore water geochemistry
and benthic ﬂux data sets. For the majority of these ﬁtted parameters,
the values were only allowed to vary within published ranges; these parameters are labeled CC (for constrained calibration).
Aqueous concentrations measured in the overlying water were
assigned as upper boundary conditions for the pore water species. For
all solid-bound species the deposition ﬂuxes at the SWI were imposed
(Table 3). Because the oxygen penetration depth depends primarily
on the supply of the most reactive pool of sedimentary organic carbon
(POC1), it was used to estimate the POC1 deposition ﬂux. The deposition ﬂux of the less reactive organic carbon pool (POC2) was then adjusted to best reproduce the pore water proﬁles of nitrate and
ammonium. The resulting deposition ﬂuxes of POC1 at the downstream
site were higher than at the upstream site (Table 3), likely due to the deposition of organic matter released by the wastewater treatment plant.
Given that the river was fully oxygenated, the deposition ﬂuxes of FeS
and FeS2 were assumed equal to zero, while those of reactive ferric
iron oxyhydroxides, represented as Fe(OH)3, were adjusted to best ﬁt
the lower parts of the ammonium proﬁles. As lower boundaries, zero
concentration gradients were imposed for all the chemical species.
In the early diagenetic literature, infaunal activity is usually assumed
to be the main cause of pore water irrigation and sediment mixing. Infaunal activity in the Seine river sediments is supported by the observation of shells and burrows in the upper 20 cm of sediment at both sites.
However, ﬁtting of the measured pore water proﬁles and benthic exchange ﬂuxes yielded values of DB at the SWI of up to 600 cm2 yr−1
(Tables 4a and 4b), that is values exceeding those typically ascribed to
bioturbation (Boudreau, 1997; Lecroart et al., 2007). Similarly, the inferred pore water irrigation coefﬁcients, α, in the upper sediment layers
tend to be on the high side of values reported for infaunal activity (Meile
and Van Cappellen, 2003). The likely explanation is that in high-energy
systems, such as estuaries and rivers, the top sediment layer is continuously mixed physically by the overlying water, which in the model formulation translates in high α and DB values for the topmost, submillimeter sediment layer (Laverman et al., 2007). Below this surﬁcial
layer, α and DB drop off very rapidly to values that are in line with values
reported for infaunal bioirrigation and bioturbation.
4. Results and discussion

x b 0.1 cm
0.1 b x b 4 cm
4 b x b 20 cm

Downstream
Sediment mixing
cm2 yr−1

Pore water irrigation
yr−1

DB = 300
DB = 100
DB = 5

α = 200
α = 50
α = 20

Depth (x)

x b 0.1 cm
0.1 b x b 4 cm
4 b x b 20 cm

Upstream
Pore water irrigation
yr−1
α = 200
α = 50
α = 10

Sediment mixing
cm2 yr−1
DB = 150
DB = 150
DB = 5

imply higher rates of water column respiration downstream of the
WWTP. The BOD5 values also suggest higher respiration rates in October
compared to August. The shallow pore water oxygen penetration depths
(2–3 mm) provide further evidence of high respiratory activity in the
river sediments (Fig. 1S).
The model-derived POC1 deposition ﬂuxes (Table 3), the depth-integrated rates of organic C oxidation, and the benthic O2 consumption
rates (Table 5) are in line with the above observations. They conﬁrm
that sediment respiration is higher downstream than upstream of the
WWTP, and higher in October than in August. The total sediment O2
consumption rates vary between 708 and 1665 μmol O2 cm−2 yr−1,
which is consistent with sediment O2 consumption rates typically reported for freshwater sediments (Rong et al., 2016; Tomaszek and
Czerwieniec, 2003). According to the model calculations, between 75
and 92% of the total sediment O2 consumption is due to oxygen respiration coupled to organic matter oxidation, with nitriﬁcation being the
next most important pathway consuming O2. The contribution of nitriﬁcation (step 1 plus step 2) to O2 reduction, however, is signiﬁcantly
larger at the upstream (22–25%) site, compared to the downstream
site (8–12%). The inferred dominant roles of organic matter oxidation
and nitriﬁcation in benthic O2 uptake agrees with previous studies
(Canavan et al., 2006; Clevinger et al., 2014; Hall and Jeffries, 1984).
4.2. Pore water N proﬁles
The impact of the WWTP is also seen in the water column chemistry:
the bottom water concentrations of nitrate, nitrite and ammonium are all
higher at the downstream site (Table 3). For example, the downstream
bottom water nitrite concentrations are in the range of 10–15 μM,
compared to 3–5 μM upstream concentrations. Depth proﬁles of the
various pore water N species are shown in Fig. 2 for August and Fig. 3
for October. The proﬁles measured on the duplicate cores collected at
the two sites exhibit signiﬁcant variability, in particular for nitrite and
Table 4b
Sediment mixing and pore water irrigation coefﬁcients in October 2013.
Depth (x)

4.1. Sediment respiration
The organic carbon concentrations measured in October 2013 in the
upstream cores range from 3.8 to 6.9 wt%. At the downstream site, the
concentrations are markedly higher, varying between 6.6 and 11.4 wt
%. The sediment nitrogen concentrations are similarly higher at
the downstream site (0.4–0.9 wt%) than at the upstream site (0.1–
0.3 wt%). The organic matter in the downstream cores is also enriched
in N (molar C:N = 10–15) compared to the upstream cores (molar C:N
= 19–31). Higher organic C loadings at the downstream site are consistent with the reported BOD5 values (see Section 2.1. Seine River), which
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x b 0.1 cm
0.1 b x b 2 cm
2 b x b 20 cm

Downstream
Sediment mixing
cm2 yr−1

Pore water irrigation
yr−1

DB = 600
DB = 300
DB = 10

α = 300
α = 100
α = 15

Depth (x)

x b 0.1 cm
0.1 b x b 3 cm
3 b x b 20 cm

Upstream
Sediment mixing
cm2 yr−1
DB = 500
DB = 200
DB = 10

Pore water irrigation
yr−1
α = 300
α = 200
α = 10
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Table 5
Benthic O2 consumption rates; values in brackets correspond to percentages of the total O2
consumption rates.
Reaction rate

Upstream

Downstream

(μmol O2 cm−2 yr−1)

August
2012

October
2013

August
2012

October
2013

Organic matter oxidation
with O2
Nitriﬁcation step 1
Nitriﬁcation step 2
Fe oxidation by O2

708 (75)

1230 (78)

1305 (88)

1665 (92)

180 (19)
60 (6)
0.6 (b0.5)

H2S oxidation by O2
Total

0.4 (b0.5)
949 (100)

271 (17)
82 (5)
0.002
(b0.5)
0.2 (b0.5)
1583 (100)

143 (10)
23(2)
0.04
(b0.5)
4 (b0.5)
1475
(100)

126 (7)
25 (1)
0.007
(b0.5)
0.9 (b0.5)
1817 (100)

ammonium. Given the high spatial heterogeneity, the model ﬁts therefore
only aim to capture the general trends of the concentration depth proﬁles.
Irrespective of site and sampling time, the nitrate concentrations drop to

zero within the upper 3–4 cm. Similar nitrate proﬁles have been observed
in earlier work on estuarine and freshwater sediments (Meyer et al.,
2005; Laverman et al., 2007). The steep nitrate pore water gradients reﬂect the very high rates of denitriﬁcation in the uppermost centimeters
of sediments in these environments. The ammonium pore water proﬁles
show increasing trends with depth, reaching concentrations of up to
2 mM in October. According to the model results, most pore water ammonium is produced from the breakdown of organic matter (Figs. 2 and 3).
Compared to nitrate, far fewer nitrite pore water proﬁles have been
published, though nitrite has been shown to be present in sediment
pore waters (Stief et al., 2002; Meyer et al., 2005) and in river water
(Kelso et al., 1997; von der Wiesche and Wetzel, 1998; Raimonet et
al., 2015). The nitrite proﬁles measured in the sediments collected at
the upstream site shows a subsurface peak at 3–4 cm depth. Similar subsurface peaks have previously been observed in estuarine and mangrove sediments using NOx microsensors (Meyer et al., 2008, 2005).
At the downstream site, the highest nitrite concentrations are found
right at the SWI. The nitrite proﬁles reﬂect the depth distributions of
the processes that consume and produce nitrite, primarily nitriﬁcation,
denitriﬁcation and anammox (see also Stief et al., 2002; Meyer et al.,

Fig. 2. Measured and modeled pore water proﬁles of nitrogen species upstream (A, B, C) and downstream (D, E, F) of the SAV wastewater treatment plant in August 2012.
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2005). According to the model simulations, the absence of a pronounced
nitrite peak at the downstream site is the result of the much higher rates
of aerobic carbon oxidation right below the SWI and, in turn, the lower
nitriﬁcation rates in the top centimeters of sediment. Also at the downstream site, higher rates of anammox in the presence of ammonium and
nitrite affect the shape of nitrite proﬁles at the SWI. The generally low
nitrite levels in the bottom portions of the cores are attributed to consumption by anammox.
4.3. Benthic N cycling: reaction rates
Depth-integrated rates estimated with the model are provided in
Table 6 and Figs. 4 and 5. The ﬁgures schematically illustrate the mechanistic insights that can be gained by applying the reactive model to the
pore water geochemistry and core incubation data. In particular, they
show the close coupling between the various N transformation processes and benthic exchanges. As expected, denitriﬁcation is predicted
to be the main N transformation pathway in the sediments, with most
of the nitrate consumed by the denitriﬁers supplied by inﬂux from the
overlying water, although nitriﬁcation also contributes 19–21% of the
pore water nitrate supply at the upstream site. The depth-integrated
rates of denitriﬁcation are much higher in October than in August. For
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nitriﬁcation, the largest differences in depth-integrated rates are observed between the upstream and downstream sites, because the
lower deposition of highly reactive organic matter (POC1, Table 3) at
the upstream site leaves a greater fraction of pore water O2 available
for the aerobic oxidation of ammonium and nitrite.
The modeled rates of denitriﬁcation for the Seine River sediments
fall in the range 497–1248 μmol cm−2 yr−1. These rates are consistent
with previous studies on Seine sediments (Table 6). Billen et al.
(2007) report a range of benthic denitriﬁcation rates between 60 and
2500 μmol cm−2 yr−1 based on a large scale survey of direct measurements along the Seine drainage network, while Thouvenot-Korppoo et
al. (2009) estimate mean rates in the range 125–625 μmol cm−2 yr−1
averaged over a stretch of the Seine River from 80 km upstream to
100 km downstream of Paris. The very high rates of denitriﬁcation observed in the Seine River sediments are characteristic of river systems
receiving large anthropogenic inputs of nitrogen and organic carbon.
For comparison, Table 1S gives denitriﬁcation rates measured in sediments of other rivers and river impoundments.
The depth-integrated rates of DNRA are in the range of 16–41 μmol
cm−2 yr−1. Thus, DNRA accounts only for about 3% of the total rates of
nitrate reduction in the sediments. As for denitriﬁcation, the rates of
DNRA are higher in October than in August, due to the higher supply of

Fig. 3. Measured and modeled pore water proﬁles of nitrogen species upstream (A, B, C) and downstream (D, E, F) of the SAV wastewater treatment plant in October 2013.
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Table 6
Depth integrated rates (μmol N cm−2 yr−1) for different processes upstream and downstream of the SAV WWTP in August 2012 and October 2013.
Reaction

Nitriﬁcation (step1)
Denitriﬁcation
DNRA
Anammox

Upstream

Downstream

August 2012

October 2013

August 2012

October 2013

120
554
18
33

191
829
27
33

95
497
16
78

84
1248
41
73

Range in literature

References

b5000
b13,850
b219
0.1 − 720

[1], [2], [3], [4], [5]
[5], [6], [7], [8], [9], [10], [11], [12]
[13], [14], [15], [16]
[17], [18], [19]

[1]: (Pauer, 2000), [2]: (Strauss et al., 2004), [3]: (Stief and de Beer, 2006), [4]: (Meyer et al., 2008), [5]: (Keffala et al., 2011), [6]: (Laursen and Seitzinger, 2002), [7]: (Canavan et al., 2006),
[8]: (Tomaszek and Czerwieniec, 2000), [9]: (Seitzinger, 1988), [10]: (García-Ruiz et al., 1998), [11]: (Thouvenot-Korppoo et al., 2009), [12]: (Billen et al., 2007), [13]: (Gardner and
McCarthy, 2009), [14]: (Dale et al., 2011), [15]; (McCarthy et al., 2007), [16]: (Gardner et al., 2006), [17]: (Zhao et al., 2013), [18]: (Shen et al., 2015), [19]: (Wang et al., 2013).

reactive organic matter in October. The modeled depth-integrated rates
of anammox in the Seine River sediments vary between 33 and 78
μmol cm−2 yr−1, with higher values in the downstream than upstream
sediments. The October pore water proﬁles also show measurable nitrite
concentrations coexisting with high ammonium concentrations in the
lower half of the cores, implying favorable chemical conditions for
anammox at all depths except in the uppermost oxygenated sediment
layers. The anammox rates estimated here are within the range reported

for sediments in urban streams and wetlands (Shen et al., 2015; Wang et
al., 2013; Table 1S).
4.4. Benthic exchange ﬂuxes
The benthic exchange ﬂuxes of nitrate, ammonium and nitrite are
summarized in Fig. 6. As expected, the sediments act as sinks for nitrate.
The benthic uptake ﬂuxes of nitrate are higher at the downstream site,

Fig. 4. Sediment nitrogen budgets. The values refer to model-derived, depth integrated reaction rates and ﬂuxes (μmol cm−2 yr−1) for the sites upstream (A) and downstream (B) of the
SAV WWTP in August 2012. (diff.: diffusion; irrig.: irrigation; nit.1: nitriﬁcation step1; nit2.: nitriﬁcation setp2, methan.: methanogenesis; resp.: respiration).
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and much higher in October than August. Both the core incubations and
model results imply that the upstream sediments are a relatively small
sink for ammonium, while the downstream sediments are a source of
ammonium to the overlying water, due to the much larger production
of ammonium from sediment organic matter degradation. A key difference in sediment N cycling between the sites is that the ammonium
generated by organic matter breakdown is completely oxidized by nitriﬁcation and anammox within the sediment at the upstream site, while a
large fraction is exported to the water column at the downstream site.
At both sites, sediments remove nitrite from the overlying water in
August, but become nitrite sources to the overlying water in October.
As with the other benthic N exchange ﬂuxes, the magnitudes of the nitrite ﬂuxes are higher in October than in August, and higher at the
downstream site than the upstream site. There are few published benthic nitrite ﬂuxes to which the ﬂuxes obtained here can be compared.
However, as can be seen from the literature values summarized in
Table 7, existing studies report both inﬂuxes and efﬂuxes of nitrite for
a variety of freshwater and nearshore marine sediments, in agreement
with the bidirectional nitrite ﬂuxes observed for the Seine River sediments. Previous studies also highlight the roles of the bottom water
O2 (Höhener et al., 1994) and nitrate concentrations (Gardner and
McCarthy, 2009), the C:N ratio of the organic matter in the topmost
layer of sediment (Lerat, 1990), and the time of the year (Gardner and
McCarthy, 2009; Kaiser et al., 2015), in controlling whether sediments
are a source or sink of nitrite (Kaiser et al., 2015).
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It is important to stress that the pore water N distributions (Figs. 2
and 3) and the benthic N ﬂuxes (Fig. 6) represent data acquired independently from one another on separate sediment cores. The ability of
the model to simultaneously account for the key features of the pore
water proﬁles and the core incubation ﬂuxes, as well as the general consistency of the model-predicted reaction rates and exchange ﬂuxes with
those reported for other freshwater depositional environments (Tables
6 and 1S), therefore supports the use of the model as a tool to predict nitrite benthic exchanges under variable environmental conditions. In
particular, the directional switch of the nitrite ﬂuxes can be attributed
to the higher benthic oxygen demand in October compared to August,
and the corresponding lower fractions of O2 that are directed to nitrite
oxidation (Table 5), hence resulting in excess nitrite production that is
exported to the overlying water column.
The model also helps anticipate how benthic nitrite ﬂuxes in the
Seine River might respond to changes in WWTP discharges, bottom
water chemistry or depositional ﬂuxes. This is illustrated by the results
of the sensitivity analyses in Fig. 7, which show that the O2 concentration in the overlying water and the deposition ﬂux of reactive organic
matter exert key controls on the benthic nitrite ﬂuxes. For the August
conditions, setting the bottom water O2 concentration to zero causes
the sediments at both locations to switch from being sinks to becoming
sources of nitrite to the overlying river water (see also Fig. 2S). For the
October conditions, the sediments at both locations are a source of nitrite whether O2 is present in the overlying water or not, but the

Fig. 5. Sediment nitrogen budgets. The values refer to model derived-depth, integrated reaction rates and ﬂuxes (μmol cm−2 yr−1) for the sites upstream (A) and downstream (B) of the
SAV WWTP in October 2013. (diff.: diffusion; irrig.: irrigation; nit.1: nitriﬁcation step1; nit2.: nitriﬁcation setp2, methan.: methanogenesis; resp.: respiration).
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Fig. 6. Measured and modeled nitrate (A), ammonium (B) and nitrite ﬂuxes (C) across the
sediment water interface (SWI) at the sampling sites upstream and downstream of the
SAV WWTP in August 2012 and October 2013. Error bars represent standard deviations
on triplicate cores.

magnitude of the benthic efﬂux is much higher in the absence of O2. The
large increase in nitrite efﬂux under O2 depleted bottom waters is due to
the cessation of nitriﬁcation, which no longer prevents pore water nitrite from escaping to the overlying water column.

Fig. 7. Sensitivity analyses of the nitrite ﬂux at the SWI based on different scenarios.
Scenarios include no bottom water O2 (Anoxic), doubled deposition ﬂux of POC1 at the
SWI (POC1 ×2), doubled deposition ﬂux of POC2 at the SWI (POC2 ×2), doubled
concentrations of ammonium and nitrate in the overlying water (NH4 ×2, NO3 ×2,
respectively), and halving concentrations of ammonium and nitrate in the overlying
water (NH4 /2, NO3 /2, respectively). No irrigation corresponds to a simulation where a
zero value was imposed to the pore water irrigation coefﬁcient (α) and no mixing
represents a simulation where a zero value was imposed to the sediment mixing
coefﬁcient (DB). Negative changes imply a change in the direction of the benthic nitrite
ﬂux.

The deposition ﬂux of reactive organic carbon (POC1) signiﬁcantly
impacts benthic nitrite exchanges (Figs. 7 and 8), because it directly affects the production of pore water nitrite by denitriﬁcation. As shown in
Fig. 8, the nitrite benthic ﬂux correlates positively with the supply of
POC1 to the sediments, although the trends differ between the two locations and between the two sampling times. The POC1 deposition ﬂux at

Table 7
Benthic nitrite ﬂuxes reported in the literature; positive values indicate efﬂux to the water column, negative values indicate sediment uptake ﬂuxes.
Location

Benthic nitrite ﬂuxes at the SWI
(μmol N cm−2 yr−1)

Explanation

References

Lake Sempach, Switzerland
Lake Taihu, China
Guarapiranga reservoir, Brazil
Mangrove sediments, China
Morlaix Bay, France
Florida Bay, US
Florida Bay, US
Seine River, France

+3.6 to +14.7
−27.1
+100.0
−15.0 to +32.4
−9.5 to +8.1
−1.5 to +1.9
−1.3 to +45.5
−8.3 to +17.5

Deep, eutrophic and artiﬁcially oxygenated
Shallow and eutrophic
Eutrophic, located in a highly populated and industrialized area
Under light and dark condition in two seasons
Seasonal variations during a year
Shallow subtropical
After addition of nitrate in the overlying water
Upstream and downstream of the SAV WWTP

(Höhener et al., 1994)
(McCarthy et al., 2007)
(Mozeto et al., 2001)
(Kaiser et al., 2015)
(Lerat, 1990)
(Gardner and McCarthy, 2009)
(Gardner and McCarthy, 2009)
(Modeled, this study)
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which the sediments switch from sink to source of nitrite is two to three
times lower under the October than August conditions, in part because
of the more vigorous pore water irrigation in October compared to August (Tables 4a and 4b), which promotes the export of nitrite to the
overlying water. Under the October conditions, the POC1 deposition
ﬂux at the two sites would have to drop below 1000 μmol cm−2 yr−1
in order for the sediments to become nitrite sinks. Not surprisingly,
the deposition ﬂux of the less reactive POC2 has much less of an effect
on the benthic nitrite ﬂuxes than POC1.
Bottom water ammonium concentrations affect the benthic nitrite
ﬂuxes by impacting nitriﬁcation (nitrite source) and anammox (nitrite
sink). Sensitivity to changes in bottom water ammonium is relatively
higher at the upstream site, because of the important role of nitriﬁcation
in producing pore water nitrite (Figs. 4 and 5). In the downstream sediments, where anammox is a major sink of nitrite, the effects of changes
in bottom water ammonium on nitriﬁcation and anammox tend to balance each other out. In a similar vein, changes in bottom water nitrate
concentrations result in opposing effects of denitriﬁcation (nitrite
source) and anammox (nitrite sink). Hence, the benthic nitrite ﬂuxes
tend to be relatively insensitive to changing bottom water nitrate
concentrations.
4.5. Nitrite budget
The experimental and modeling results show that the Seine sediments at the two locations can act as either a source or sink of nitrite.
This raises the question of the role of benthic exchanges on the nitrite
budget of the river. A full assessment of this role would require the systematic (seasonal) acquisition of benthic nitrite exchange data along the
entire course of the river. Here, we provide rough estimations of the potential benthic nitrite supply and removal using a maximum nitrite efﬂux of around 30 μmol cm−2 yr−1, as measured in October 2013 at
the downstream site, and a maximum inﬂux of around 10 μmol cm−2
yr−1, as measured in the August incubations (Fig. 6). Over a 300 kmlong stretch of the Seine River, and for a representative width of
200 m plus an assumed 10% coverage by nitrite-exchanging streambed
sediments, this results in an annual maximum benthic nitrite release of
6 × 105 mol yr−1 and a maximum uptake of 2 × 105 mol yr−1. In comparison, the SAV WWTP discharged on average 6 × 107 mol yr−1 of nitrite between 2007 and 2013 (Aissa-Grouz et al., 2015), that is two
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orders of magnitude higher than the calculated benthic exchanges. Although our preliminary calculations need further corroboration, at this
stage it appears that the benthic exchanges are a relatively small component of the Seine River nitrite budget downstream of the WWTP. If
this is true, then the persistence of measurable nitrite concentrations
as far as 300 km downstream of Paris despite fully aerated conditions
(Aissa-Grouz et al., 2015) may be due to the combination of high nitrite
release from the SAV WWTP, high river discharge and low nitriﬁcation
activity in the water column (Raimonet et al., 2017).
5. Concluding remarks
With the model presented in this paper we have analyzed how benthic nitrite exchanges in the Seine River are modulated by environmental conditions at, and early diagenetic processes below, the SWI. The
model accounts for the key features of the observed pore water proﬁles
of the different nitrogen species while at the same time reproducing the
measured benthic ﬂuxes of nitrate, nitrite and ammonium; it captures
the differences between the sediments collected upstream and downstream of the SAV WWTP, and between the summer and fall sampling
times. While the modeling results imply that denitriﬁcation dominates
N cycling in the sediments, they also highlight the important roles of
other transformation pathways, especially nitriﬁcation and anammox,
and (bio)physical mixing processes in determining the distributions
and benthic ﬂuxes of the various N species. In particular, the model explains why, depending on the site location and sampling time, the sediments either release nitrite to the overlying water column or remove it.
The simulation results further indicate that the SAV WWTP not only impacts downstream benthic nitrite ﬂuxes through the discharge of N species contained in its efﬂuents, but also by affecting the supply of labile
organic matter and the dissolved oxygen concentration at the sediment-water interface.
As illustrated here for a comprehensive data set on N species, early
diagenetic modeling can be a powerful tool for analyzing benthic transformations and ﬂuxes in highly dynamic systems such as streambed
sediments. Mechanistic modeling forces us to question our understanding of the processes and their interactions within sediments that give
rise to the observed pore water geochemistry and benthic exchanges.
As such, the modeling provides complementary information that cannot
be deduced directly from the data alone. With the rapid improvement of

Fig. 8. Nitrite ﬂuxes across the SWI as a function of deposition ﬂux of the most reactive organic carbon, POC1. Symbols correspond to ﬂuxes simulated with the model-calibrated POC1
deposition ﬂuxes at the two sites (US = upstream, DS = downstream) and two sampling times (August and October). Positive ﬂuxes indicate nitrite efﬂux from sediment to water
column, negative ﬂuxes indicate uptake of nitrite by the sediments.
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analytical capabilities, including in situ microsensors, it is becoming increasingly routine to measure the relatively low concentrations of reactive intermediates in biogeochemical reaction networks. This creates an
increasing demand for environmental reactive transport models that
explicitly simulate the production, consumption and transport of reactive intermediates, as done here for nitrite. The model developed in
this study should be broadly applicable to sediments in freshwater
aquatic environments receiving high N and organic matter loads.
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